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Abstract

Altered fuels and climate change are transforming fire regimes in many of Earth’s biomes. Postfire reassembly of veg-

etation – paramount to C storage and biodiversity conservation – frequently remains unpredictable and complicated

by rapid global change. Using a unique data set of pre and long-term postfire data, combined with long-term data

from nearby unburned areas, we examined 10 years of understory vegetation assembly after the 2002 Hayman Fire.

This fire was the largest wildfire in recorded history in Colorado, USA. Resistance (initial postfire deviance from pre-

fire condition) and resilience (return to prefire condition) declined with increasing fire severity. However, via both

resistance and resilience, ‘legacy’ species of the prefire community constituted >75% of total plant cover within

3 years even in severely burned areas. Perseverance of legacy species, coupled with new colonizers, created a persis-

tent increase in community species richness and cover over prefire levels. This was driven by a first-year increase

(maintained over time) in forbs with short life spans; a 2–3-year delayed surge in long-lived forbs; and a consistent

increase in graminoids through the 10th postfire year. Burning increased exotic plant invasion relative to prefire and

unburned areas, but burned communities always were >89% native. This study informs debate in the literature

regarding whether these increasingly large fires are ‘ecological catastrophes.’ Landscape-scale severe burning was

catastrophic from a tree overstory perspective, but from an understory perspective, burning promoted rich and pro-

ductive native understories, despite the entire 10-year postfire period receiving below-average precipitation.
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Introduction

Globally, wildfires burned over 300 Mha annually

between 1997 and 2011 (Giglio et al., 2013). Fires further

affect nonburned land and the atmospheric system in

numerous ways, such as by emitting 2.5 Pg C yr�1

(Randerson et al., 2012). Fire extent and severity are

anticipated to increase in many biomes in coming dec-

ades, underscoring importance of understanding fire as

an agent of global change (Adams, 2013). Moreover,

postfire ecosystem dynamics have feedbacks for other

elements of global change, such as exotic species inva-

sions, native biodiversity conservation, C storage,

hydrological cycling, and ecological services provided

to humans (Stoy et al., 2008; Abella & Engel, 2013; Law

et al., 2013).

Vegetation assembly following disturbances such as

fire partly depends on ecosystem resistance and resil-

ience and disturbance severity (Bruelheide & Lu-

ginb€uhl, 2009; Fornwalt et al., 2010; Harvey &

Holzman, 2014). Resistance is a system’s ability to mini-

mize change incurred through disturbance, indicated

by high similarity of pre and immediate postdistur-

bance conditions (Belote et al., 2012). Resilience is abil-

ity to return to a predisturbance state, indicated by

increasing similarity through time to predisturbance

condition (Halpern, 1988). Increasing disturbance

severity (e.g., increasing mortality of organisms) can

reduce both resistance and resilience, including

adaptive ability to climate change (Falk et al., 2011).

Although ecosystem resistance and resilience are fun-

damental to developing land management and conser-

vation policies (e.g., whether active restoration is

mandated), several recent reviews have noted key

knowledge gaps regarding postdisturbance community

assembly in an era of global change (e.g., Abella, 2010;

Adams et al., 2012; Anderson-Teixeira et al., 2013). For

instance, given climate change and biotic invasions,

resilience to predisturbance condition is uncertain (Lin

& Petersen, 2013). With disturbances such as wildfire

capable of leaving legacies for centuries, improving our
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ability to predict pathways of ecosystem change is

anticipated to be critical for preventing species extinc-

tions and conserving ecosystem functions in coming

decades (Prober et al., 2007; Knox & Clarke, 2012;

Adams, 2013).

After a century under a policy of fire suppression,

dry coniferous forests of western North America pro-

vide a dramatic example of a biome being transformed

by wildfires of unprecedented size and severity (Falk

et al., 2011). Annual area burned since 1986 has

increased more than sixfold over previous decades

(Westerling et al., 2006). The largest fires in recorded

history have occurred in the 2000s in several western

USA states, such as the 56 000-ha Hayman Fire in 2002

(Colorado), 147 000-ha Milford Flat Fire in 2007 (Utah),

218 000-ha Wallow Fire in 2011 (Arizona), and the

120 000-ha Whitewater-Baldy Complex Fire in 2012

(New Mexico). These, and numerous similarly large

fires such as in Australia, have become so large they are

termed ‘mega fires’ (Adams, 2013). Mega fires are

already a dominant feature impacting the global land-

scape and the prognosis is for them to continue

(Adams, 2013). Understanding postfire vegetation

assembly is a critical step in assessing whether much of

western North America will change from a net C sink

to source (Hurteau et al., 2011; Law et al., 2013), convert

to nonforest cover (Savage & Mast, 2005), accelerate

exotic species invasion (Fornwalt et al., 2010), sustain

native biodiversity (Keyser et al., 2008), or provide

watershed functions (Adams et al., 2012).

Considerable variability has characterized postfire

vegetation assembly after wildfires in western conifer-

ous forests, and general principles regarding key com-

ponents of postfire vegetation change remain elusive.

First, the relative proportion of ‘legacy’ (present before

fire) and ‘new’ (postfire colonizing) species after fire

has varied substantially among fires, and temporal per-

sistence of new species is poorly understood (Foxx,

1996; Bataineh et al., 2006; Fornwalt & Kaufmann,

2014). Second, response of native species richness has

varied, sometimes declining after fire (e.g., Griffis et al.,

2001) and sometimes increasing among burn severities

(e.g., Dodge et al., 2008). Third, native plant cover has

not displayed consistent changes after fire, and possible

relationships with postfire climates are difficult to

evaluate because of a paucity of repeated temporal

measurements of burned and unburned areas (Lowe

et al., 1978; Foxx, 1996; Barclay et al., 2004). Fourth,

shrubs, which can form alternative stable states pre-

cluding forest re-establishment altogether (Savage &

Mast, 2005), have exhibited a full range of decrease, no

change, or increase (Pearson et al., 1972; Savage et al.,

2013; Fornwalt & Kaufmann, 2014). Fifth, wildfire has

generally promoted exotic species invasion, but

magnitude of the invasion has varied and persistence

through time is poorly understood (e.g., Dodge et al.,

2008; McGlone & Egan, 2009; Fornwalt et al., 2010).

System response to extreme perturbations such as

mega fire affords insight difficult or impossible to cre-

ate experimentally, yet extreme perturbations are chal-

lenging to study precisely because their unplanned

nature usually precludes information on system state

before perturbation. To examine vegetation changes

after mega fire, we used a unique set of prefire plant

community data and postfire and unburned data

repeatedly collected during the first 10 years following

fire. We asked: (1) How resistant and resilient is plant

community composition after fire and across a fire-

severity gradient? We anticipated that resistance and

resilience would decline with increasing fire severity

and that resilience would increase through time within

a burn severity. (2) How did fire affect native species

richness and cover through time and across severities?

We expected that native richness and cover would ini-

tially decline after fire, then increase to equal or exceed

prefire levels after severe burning that removed over-

story trees as a limitation to understories. (3) What

response to fire did shrubs exhibit and was there evi-

dence for type conversion from forest to shrubland?

Because large, aggressive shrubs were absent from the

local species pool, we did not forecast that shrubs

would constitute most of total plant cover. (4) How was

exotic species invasion influenced by burn severity and

time? We anticipated that exotic species would be most

abundant after severe burning but would decline

through time after all burn severities. Considerable

debate exists regarding whether these large, unprece-

dented fires are ecological catastrophes (e.g., Haire &

McGarigal, 2008; Keane et al., 2008; Swanson et al.,

2011). Results provide new insight into ecological

response to mega fire increasingly shaping global pat-

terns of ecosystem development. Findings further illus-

trate conceptual challenges of resilience thinking for

biodiversity conservation during global change.

Materials and methods

Study area and plot establishment

Our study area was 60 km southwest of Denver, Colorado,

USA, on Pike National Forest lands within and surrounding

the Hayman Fire (Fig. 1, Fig. S1). Climate is semiarid, averag-

ing 38 cm yr�1 of precipitation, with most falling in spring/

early summer from April through June (33% of annual) or in

mid- to late summer storms in July–August (37%; Fig. S2; U.S.

Forest Service, Manitou Experimental Forest, Woodland Park,

CO, USA). January temperature averages �3 °C and July tem-

perature 19 °C. Soils are gravelly and derived from Pike’s

Peak granite (Moore, 1992). Elevations range from 2000 to
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2600 m. Forests are coniferous, dominated by Pinus ponderosa,

and characteristic of the Colorado Front Range of the Rocky

Mountains (Kaufmann et al., 2000). Tree density in 1996/1997,

before the Hayman Fire, ranged from ca. 200–1200 trees ha�1

and basal area from 11 to 31 m2 ha�1 (Kaufmann et al., 2000).

Pinus ponderosa comprised >87% of basal area on all slope

aspects, except north-facing slopes where basal area of P. pon-

derosa and Pseudotsuga menziesii was approximately equal.

Before Euro-American settlement in the late 1800s, fire inter-

vals for individual stands near the study area averaged

<10 years to >100 years since the year 1197 and are thought to

have included mixed surface fire and severe burning at scales

of small patches to hectares (Brown et al., 1999; Sherriff & Veb-

len, 2006). There was subsequently little or no recorded fire

after the late 1800s, with human or lightning ignitions quickly

suppressed, until the Hayman Fire. Started via human ignition

on June 8, 2002, the Hayman fire burned for over a month,

consuming 55 750 ha to become the largest wildfire in Colo-

rado’s recorded history (Graham, 2003). Fires of the Hayman’s

extent of severe burning are not generally considered to have

occurred in the region during recent millennia (Brown et al.,

1999; Kaufmann et al., 2000; Graham, 2003).

Data collection within the Hayman Fire occurred within a

400-ha area in which 20, 1000-m2 (20 9 50 m) permanent plots

were originally established and measured in 1996 or 1997

(Kaufmann et al., 2000; Fornwalt et al., 2003, 2009). Immedi-

ately following the fire in 2002, we re-established all plots

using their geographic coordinates, prefire overstory stem

maps, and remains of plot corner stakes to accurately re-mark

plot corners. We classified each plot as burning with high,

moderate, or low severity based on the fire’s direct effects on

the overstory and forest floor. Plots with <50% overstory mor-

tality were categorized as low severity, while moderate-sever-

ity plots had ≥50% overstory mortality but only modest levels

of crown and forest floor consumption (Fornwalt et al., 2010).

High-severity plots were those with 100% overstory tree

mortality and nearly complete forest floor consumption

(Fig. 1). Burn severity mapping indicated that ~35% of area

within the fire perimeter was burned with high severity, 16%

moderate, and 34% low severity, with 15% unburned (Robi-

chaud et al., 2003; Fig. S1). No postfire rehabilitation activities

occurred on our plots.

To provide unburned areas for comparison, plots were

established within three unburned areas of ~300 ha each.

These areas matched environmental conditions, land-use his-

tory, and prefire overstory condition of the burn as closely as

possible. The unburned areas were just outside the Hayman

Fire perimeter, 10–18 km from burned plots. Three plots, each

1000 m2, were randomly located within each unburned area

in 2004. One plot was partially logged in 2011 and was

dropped from the data set, leaving 8 unburned plots.

Data collection and data classification

Understory vascular plant composition (excluding tree spe-

cies) and cover were recorded in modified-Whittaker sam-

pling plots (Stohlgren et al., 1995). Burned plots were

surveyed seven times, in 1996 or 1997 (5 or 6 years prefire),

annually from 2003 to 2007 (1–5 years postfire), and in 2012

(10 years postfire). Unburned plots were surveyed four times

(2004, 2005, 2006, and 2012). Areal cover of each species within

each plot was visually categorized to the nearest percent in 10,

1-m2 subplots. Species presence was noted in two 10-m2 sub-

plots, one 100-m2 subplot, and the 1000-m2 plot. Most plants

were recorded to species, but some were only identifiable to

genus and we counted them as one species (e.g., Carex or Che-

nopodium spp.). Nomenclature follows NRCS [Natural

Resources Conservation Service] (2013).

To aid in analysis, species were classified in three ways.

First, species in burned plots were classified as either ‘legacy’

(present aboveground in plots during the prefire survey) or

‘new’ species (absent in the prefire survey). A species could be

Fig. 1 Repeat panoramas taken from a severely burned ridgetop within the Hayman Fire. Top photo by M.R. Kaufmann, 17 July 2002,

approximately 1 month after the area burned. Bottom photo by P.J. Fornwalt, 11 July 2012, 10 years later.
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a legacy species in one plot but a new species in another,

depending on whether the species was recorded before fire,

and was based on presence aboveground rather than poten-

tially only in the soil seed bank. Second, species were classi-

fied into one of four groups reflecting life history and growth

form: short-lived forbs (annuals, biennials, or annual-peren-

nial life spans), long-lived forbs (perennials), graminoids, and

shrubs. Short- and long-lived graminoids were not separated

into their own groups because short-lived graminoids were

scarce. This classification followed NRCS (2013) and botani-

cal keys (Harrington, 1964; Weber & Wittmann, 2001). Third,

species were classified as either native or exotic to the conti-

nental USA (NRCS [Natural Resources Conservation Service]

2013).

Data analysis

We analyzed the data set using both multivariate and uni-

variate techniques. For multivariate analyses, we used PC-

ORD 6.0 (McCune & Mefford, 1999) to calculate plot-level

Sørensen similarity between pre and postfire years using

matrices of relative cover (cover species i/∑ all species on a

plot). We also used PC-ORD to ordinate community compo-

sition (relative cover) of burned plots using nonmetric multi-

dimensional scaling (Sørensen distance, ‘slow and thorough’

setting). From these ordinations, we further calculated suc-

cessional vectors, depicting community compositional

change between pre and postfire years (McCune & Mefford,

1999). As a measure of the amount of change, we calculated

lengths of vectors from vectors standardized to the origin as

Euclidean distance between ordination scores of pre and

postfire years on each plot.

We examined univariate changes in community similarity

(Sørensen index to the prefire community), richness (species

1000 m�2), and cover with respect to burn severity, year, and

burn severity 9 year using repeated measures analysis of vari-

ance in SAS 9.4 (GLIMMIX procedure; SAS Institute Inc., Cary,

NC, USA). Richness and cover were examined in total and by

three species groups: (1) legacy and new species; (2) short-lived

forb, long-lived forb, graminoid, and shrub; and (3) native and

exotic. Cover was summed across species for species groups

and was square-root transformed to improve distribution and

homogeneity of residuals. Models used the spatial power

covariance matrix, accommodating correlation between

repeated measurements. When a burn severity 9 year interac-

tion had a P-value <0.10, we used the ‘SLICE’ function in SAS

to isolate multiple comparisons (Tukey–Kramer adjusted, with

significance set at P < 0.05) among years within a burn-severity

class. When only a main effect of year was significant

(P < 0.05), we evaluated multiple comparisons (Tukey–Kramer

adjusted, P < 0.05) by slicing the data into burned (low, moder-

ate, and high severity) and unburned groups.

Results

Study climate and plant community

Precipitation was near or above average for the 1996/

1997 prefire sampling years and sharply below average

in the fire year of 2002 (Fig. S2). Moreover, all 13 years,

encompassing 3 years before and during the fire and 10

postfire years, received less than the long-term average

precipitation. Unburned species richness for all four

available sample years (2004–2006 and 2012) was quite

constant relative to the maximum recorded richness

value, whereas burned richness increased during this

period. Unburned cover was relatively constant in

2004–2005 and declined in 2006, whereas burned cover

increased those years and was also higher than

unburned cover 10 years postfire in 2012. These data

indicate that in the same climatic period, temporal fluc-

tuations in plant communities differed between burned

and unburned plots.

We recorded 281 species, of which 264 (94%) were

native and 17 (6%) were exotic, across all plots and

years. There were 68 short-lived forb (24%), 136 long-

lived forb (48%), 49 graminoid (18%), and 28 shrub spe-

cies (10%). In 2012 (10 years postfire), species with

greatest average cover in descending order (2.8–0.8%)

on burned plots included: Arctostaphylos uva-ursi, Carex

spp., Heterotheca villosa, Muhlenbergia montana, Yucca

glauca, Bouteloua gracilis, Poa fendleriana, and Artemisia

frigida.

Vegetation community dynamics

First-year, postfire community composition was twice

as similar to prefire composition in low- and moder-

ate-severity plots than it was in high-severity plots

(Fig. 2; Table 1). Moreover, resemblance of the low-

severity burned community to the prefire community

increased during the 10-year postfire period. More

severe burning resulted in either inconsistent changes

through time and little net change (moderate severity)

or little change through time (high severity) of the

burned community relative to the prefire community.

Thus, severe burning resulted in both reduced resis-

tance and resilience compared to low-severity burn-

ing.

Ordinations illustrated structuring of postfire com-

munity assembly by burn severity. There was little to

no grouping of plots before fire, but differentiation by

burn-severity class increased through time after fire

(Fig. 3). By 5 years after fire, plots assembled into a

compositional gradient from low, moderate, to high

severity, a pattern maintained at 10 years postfire.

Moreover, the number of species correlated with com-

munity gradients increased through time, with species

such as the long-lived forb Heterotheca villosa corre-

lated with severe burning. At 10 years postfire, low-

severity plots exhibited less deviance (indicated by

short successional vectors and low Euclidean dis-

tance) from the prefire community than they did at 1
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or 5 years postfire, indicating return to prefire condi-

tion (Fig. S3). Meanwhile, deviance of high-severity

plots continued to increase, suggesting further diver-

gence from prefire condition.

Species persistence and colonization

Percentages of species from the prefire community

(legacy species) persisting in the initial year after fire

ranged from 62% in high-severity plots to 81% and 83%

in low- and moderate-severity plots (Fig. 4). As of

10 years postfire across burn severities, there were 18

species present before, but not after burning, although

none of these species had occupied more than 3 plots

before burning. Legacy species richness was quite con-

stant through time and did not differ significantly

among any postfire years within any burn severity.

Richness of new colonizers was initially similar (13–15
species 1000 m�2) in the first postfire year among sever-

ities and was subsequently sustained or increased in

one or more postfire years. However, the increase was

most consistent in high- and moderate-severity plots,

which accrued an average of 27 new species 1000 m�2

by 10 years postfire. As of 10 years postfire, there were

8 new species that had colonized at least 5 burned

plots, and 6 of these species colonized during the first

postfire year and perpetuated 10 years postfire. New

species that colonized the most plots at 10 years post-

fire included the long-lived forb Symphyotrichum porteri

(8 new plots); short-lived forbs Lactuca serriola (an exotic

species; 7 plots), Epilobium brachycarpum (7 plots), and

Conyza canadensis (7 plots); and the long-lived forb Cha-

merion angustifolium (6 plots).

Cover of legacy and new species showed a different

pattern than richness (Fig. 4; Table 1). Cover of legacy

species was sharply reduced and then consistently

increased to even exceed prefire levels by 4–5 years

postfire. New colonizers contributed substantial cover

after high- and moderate-severity burning, although

the proportion of total cover they composed decreased

over time owing to a more dramatic increase in cover

of legacy species. New colonizers comprised only low

cover (~1%) and only a small proportion (~0.05) of total
plant cover after low-severity burning, and this contri-

bution did not change significantly through time.

Table 1 Summary of univariate statistical results for 10 years

of vegetation dynamics after the Hayman Fire, Colorado,

USA.

Understory measure

Year

(P-value)

Burn

severity

(P-value)

Year 9

burn

severity

(P-value)

Similarity to prefire (%)

Sørensen index 0.005 <0.001 0.087

Total richness (1000 m2) <0.001 <0.001 <0.001

Legacy/new richness (1000 m2)

Legacy species 0.168 0.017 0.444

New species <0.001 0.005 0.003

Lifeform richness (1000 m2)

Short-lived forbs <0.001 <0.001 <0.001

Long-lived forbs <0.001 <0.001 0.151

Graminoids <0.001 0.149 0.148

Shrubs 0.188 0.527 0.624

Native/exotic richness (1000 m2)

Native species <0.001 <0.001 0.007

Exotic species <0.001 <0.001 <0.001

Total cover (%) <0.001 0.007 0.006

Legacy/new cover (%)

Legacy species <0.001 0.657 0.051

New species <0.001 <0.001 <0.001

Lifeform cover (%)

Short-lived forbs <0.001 <0.001 <0.001

Long-lived forbs <0.001 0.004 0.049

Graminoids <0.001 0.962 0.011

Shrubs <0.001 0.539 0.595

Native/exotic cover (%)

Native species <0.001 0.032 0.024

Exotic species <0.001 <0.001 <0.001

P-values in bold are <0.05.

Fig. 2 Mean Sørensen similarity of postfire plant community

composition to prefire (1996/1997) composition across burn

severities following the Hayman Fire, Colorado, USA. Error

bars are standard errors of means. Letters compare means

within the low-severity burn class. Only the low-severity burn

class exhibited significant differences (P < 0.05) in similarity (to

prefire condition) through time among postfire years. Commu-

nity composition at 5 (2007) and 10 years (2012) after low-sever-

ity fire was significantly more similar to prefire composition

than in the initial postfire year (2003). Plots burned with moder-

ate or high severity showed no significant trend to return to pre-

fire community composition through time.
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Postfire community assembly resulted from persis-

tence of at least half of the prefire species on each plot

combined with colonization by new species the first

three postfire years and that subsequently remained in

the burned community. Legacy species contributed more

to plant cover than did new colonizers, but like for rich-

ness, the cover contribution of new species remained

part of the burned community for all 10 years.

Responses of species by life form and nativity

Postfire community changes manifested from differ-

ent temporal responses by different groups of spe-

cies. Postfire total species richness increased by 36%,

from 39 � 1 species 1000 m�2 (� SEM, n = 20) in the

prefire community, to 53 � 2 species in the 10-year

postfire community. This increase resulted from a

surge in short-lived forbs, less dramatic but still sig-

nificant increase (by postfire year 3) in long-lived for-

bs, and maintenance or slight increase in graminoid

and shrub richness (Fig. 5). Postfire total plant cover

displayed more interannual variation than richness,

but increases in the 10-year postfire community were

evident and also resulted from overall increases in

short-lived forbs (especially in high- and moderate-

severity plots) and in long-lived forbs (after

depressed cover the first postfire year relative to pre-

fire; Fig. 6). Cover of both graminoid and shrub

(a) (b)

(c) (d)

Fig. 3 Nonmetric multidimensional scaling ordination of the (a) prefire 1996/1997 plant community, (b) 1-year postfire, (c) 5-year post-

fire, and (d) 10-year postfire community following the 2002 Hayman Fire, Colorado, USA. Plots, grouped by burn severity connected

via convex hulls, exhibit differentiation through time, especially for the high-severity class. Vectors display species correlated

(r2 ≥ 0.40) with plant community gradients. Species abbreviations follow NRCS (2013) codes: acmi2 = Achillea millefolium, anse4 = An-

drosace septentrionalis, arlu = Artemisia ludoviciana, aruv = Arctostaphylos uva-ursi, bogr2 = Bouteloua gracilis, capu = Calamagrostis purpu-

rascens, carex = Carex spp., cemo2 = Cercocarpus montanus, chan9 = Chamerion angustifolium, cheno = Chenopodium spp.,

clco2 = Clematis columbiana, hevi4 = Heterotheca villosa, mela3 = Mertensia lanceolata, mesp4 = Mentzelia speciosa, mumo = Muhlenbergia

montana, POFE = Poa fendleriana, sela = Sedum lanceolatum, sisc7 = Silene scouleri, yugl = Yucca glauca, veth = Verbascum thapsus.
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groups rebounded through time following major

reductions from prefire levels. It is further notewor-

thy that neither richness nor cover exhibited any sig-

nificant interannual variation on unburned areas in

their four available years for any lifeform group,

whereas numerous significant differences among

these years occurred on burned plots (Figs 5 and 6).

Moreover, cover of short-lived forbs, so dramatically

increased on burned areas, was negligible (<0.1%) on

unburned plots.

Native species dominated richness and cover before

and after burning, and their temporal fluctuations often

mirrored those of exotic species (Fig. 7; Table 1). Exotic

species richness was significantly greater than prefire

by 2–3 years after high- and moderate-severity burn-

ing. On unburned plots, in contrast, exotic plants were

sparse or absent and showed no increase through time.

Despite increased exotic plants after burning, exotics

still were not a dominant part of the postfire commu-

nity by 10 years after fire. Their distributions were,

however, more extensive after fire. This progression

was driven both by new colonizers, where 10 (59%) of

the 17 total exotic species recorded during the study

were absent from the prefire community, and by expan-

sion of 5 of the 7 species already in the prefire commu-

nity (Table 2). For example, Lactuca serriola was absent

before fire but occupied 55% of first-year postfire plots

and up to 85% of plots by the 5th postfire year. Bromus

inermis, Linaria vulgaris, Taraxacum officinale, Tragopogon

dubius, and Verbascum thapsus all were present in the

prefire community, and they invaded 2- to 12-fold more

plots after fire.

Discussion

This unique data set enabled evaluating temporal

questions regarding community dynamics following

mega fire, and there was variable support for our a

priori expectations. Community resistance and resil-

ience depended on burn severity and the community

characteristic considered. Species composition after

low and moderate–severity burning showed apprecia-

ble resistance to change from prefire condition. Subse-

quently, areas burned with low severity had greater

resilience through convergence toward prefire condi-

tion over time, whereas convergence was inconsistent

or minimal after moderate and severe burning. Dis-

playing a different temporal trend, species richness

was neither resistant to change nor resilient toward

prefire condition, owing to an influx of new coloniz-

ers that now appear long-term (>10 years) occupants

of the burned communities. From a biodiversity per-

spective, most of these new colonizers were native

species and thus burning resulted in communities

more native species-rich than before burning. Plant

cover was sharply reduced the first postfire year,

implying low resistance, then increased to exceed pre-

fire levels at 5 years postfire. The initial low resistance

of plant cover might relate both to fire effects and

extremely dry conditions in 2002 reducing plant pro-

duction. It is noteworthy, however, that plant cover

consistently increased in all postfire years (except for

at 10 years, which still exceeded prefire levels)

despite all 10 years receiving below-average precipita-

tion. Postfire dynamics of exotic species mirrored

Fig. 4 Dynamics of legacy species present in the prefire (1996/1997) community and influx of new species among burn severities fol-

lowing the 2002 Hayman Fire, Colorado, USA. Letters compare means (P < 0.05) separately for legacy species (a, b, c, d) and new spe-

cies (x, y, z) among years within a burn severity class. Broken lines signify 1996/1997 levels of legacy species in the prefire community.
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those of native species, but started from a different

prefire baseline. Exotic species were sparse before fire

and increased on burned areas, while remaining

sparse on unburned areas during the same time per-

iod.

Widespread postfire dynamics in western dry forests

Combined with other literature, our results provide

insight into broad patterns of understory vegetation

assembly following disturbance in conifer forests of

western North America. Previous studies have sug-

gested strong persistence of understory species through

disturbance and contingency of postdisturbance vege-

tation on the predisturbance community (Halpern,

1988; Anderson & Romme, 1991; Turner et al., 1997;

Doyle et al., 1998). Our data support these findings: of

147 total species we recorded in the 10-year postfire

community, 79% had been part of the prefire commu-

nity. Previous studies in dry conifer forest have

Fig. 5 Species richness of plant groups following the 2002 Hayman Fire, Colorado, USA. Bars are means and error bars are standard

errors of means. Groups are displayed by burn severity class for severity 9 year interactions. Letters separate means through time

within a burn severity class (NS = not significant at P < 0.05). NA for unburned plots notes data not available.
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reported variable responses of species richness among

wildfire burn severities and between burned and

unburned areas. Richness has been both higher (Foxx,

1996; Crawford et al., 2001), and lower in burned than

in unburned areas (Griffis et al., 2001; Dodge et al.,

2008). We found that richness was higher after fire and

higher on burned than unburned areas. Among burn

severity classes, richness has not differed among classes

(Crawford et al., 2001), been least with severe burning

(Dodge et al., 2008), and conversely, been highest with

severe burning (Kuenzi et al., 2008; Shive et al., 2013).

We found slightly higher richness (~10% greater) after

moderate burning, but no appreciable difference in

temporal postfire patterns among severities. Variation

among studies could stem from numerous reasons,

such as differences in fire severity within classes, sam-

pling methods, and prefire condition of study areas

(unknown for most studies).

Exotic plants have increased with wildfire (relative to

unburned areas) in western dry forests (Merrill et al.,

1980; Crawford et al., 2001; Griffis et al., 2001; Barclay

et al., 2004; Freeman et al., 2007; Dodge et al., 2008) and

been most abundant in severely burned areas

(Crawford et al., 2001; Barclay et al., 2004; Freeman

et al., 2007; Dodge et al., 2008; Kuenzi et al., 2008;

Fornwalt et al., 2010; Shive et al., 2013). Our results

Fig. 6 Cover of plant groups following the 2002 Hayman Fire, Colorado, USA. Bars are means and error bars are standard errors of

means. Plant groups are displayed by burn severity class for significant burn severity 9 year interactions. Letters separate means

through time within a burn severity class (NS = not significant at P < 0.05). NA for unburned plots notes data not available.
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reinforce these findings and further showed that exotic

plants increased through time after burning. However,

relative amounts of exotic plants have sharply differed

among studies, and our study reported relatively low

amounts of exotic plants, akin to fires examined by

Freeman et al. (2007) and the Rodeo-Chediski Fire in

Arizona (Kuenzi et al., 2008; Shive et al., 2013). Exotics

were more dominant after wildfires in northern Ari-

zona (Crawford et al., 2001; Griffis et al., 2001; Dodge

et al., 2008), the Dome (Barclay et al., 2004) and Cerro

Grand Fires in northern New Mexico (Freeman et al.,

2007), and the High Meadow Fire in Colorado (Free-

man et al., 2007). Reasons for these differences among

studies are unclear and should not relate to differences

in postfire rehabilitation treatments (e.g., seeding)

because we considered only untreated areas in these

comparisons. Numerous factors could relate to postfire

invasion, including presence of exotic plants before fire,

proximity to seed sources, condition of the postfire

native plant community, and climate during the post-

fire period (Fornwalt et al., 2010).

Postfire shrub dynamics are also of interest because

of potential for type conversion from forest to shrub-

land, and some previous studies have reported that

shrubs were sparse after some fires (Foxx, 1996; Savage

& Mast, 2005), while others reported shrub dominance

(Savage & Mast, 2005; Shive et al., 2013). We found no

evidence for type conversion into shrubland, because

Fig. 7 Species richness and cover of native and exotic species following the 2002 Hayman Fire, Colorado, USA. Bars are means and

error bars are standard errors of means. Letters separate means through time within a burn severity class (NS = not significant at

P < 0.05). NA for unburned plots notes data not available.
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despite increasing through time after fire, shrubs had

still attained less than half of their prefire cover by

10 years postfire. Differences among fires might pri-

marily relate to whether large-statured, aggressive

shrub species are in the species pool (not the case at our

study sites).

Potential influences of study designs on conclusions

This study’s unique inclusion of prefire and unburned

data and long-term, repeated postfire measurements

likely facilitated inference in several ways. First, our

evaluation of questions of resistance and resilience to

prefire condition is rarely possible for unplanned

events such as wildfires. While our prefire data repre-

sent only a single point in time, 1996/1997 likely pro-

vided a stringent benchmark when comparing postfire

recovery, because the prefire period was wetter than all

10 postfire years (Fig. S2). Prefire data also avoided a

need to assume that unburned areas were otherwise

similar to burned areas. Precisely because of the enor-

mous size of mega fires, the nearest unburned areas are

often tens of kilometers away and may represent differ-

ent site conditions than those that burned. We were

able to locate relatively comparable unburned areas

near the fire perimeter, and through repeated measure-

ments, demonstrate that unburned areas exhibited little

temporal change compared to burned areas. Second,

prefire and repeated measurements allowed calculation

of persistence and colonization of species through time.

This provided new insight that almost all species of the

overall flora do persist in these ecosystems – even

through severe burning – and that newly colonizing

species entering the burned community largely become

persistent members for at least 10 years. Our analysis

revealed little indication that these new species begin

declining within a few years after disturbance, as has

been reported in some other ecosystems (e.g., Harvey &

Holzman, 2014). Third, repeated postfire measurements

were crucial for detecting that exotic plants actually

increased as the burned community matured.

Implications for forest conservation and resilience
framework for global change

Numerous authors have asked whether mega fires are

ecological ‘catastrophes’ (e.g., Haire & McGarigal, 2008;

Keane et al., 2008), with some authors suggesting

de-emphasizing negative aspects of severe burning

(Haire & McGarigal, 2008). Results from the Hayman

Fire suggest that severe burning was, in fact, cata-

strophic from a perspective of overstory trees and

maintaining a forest (P.J. Fornwalt, unpublished data).

Western conifer tree species do not generally form

Table 2 Frequency distribution of exotic plant species through time following the Hayman Fire, Colorado, USA.

Species

Percent of plots (n = 20)

Prefire Postfire year 1 Postfire year 2 Postfire year 3 Postfire year 4 Postfire year 5 Postfire year 10

Short-lived forbs

Axyris amaranthoides 0 5 0 0 0 0 0

Carduus nutans* 0 0 10 15 25 25 20

Lactuca serriola 0 55 55 75 60 85 35

Matricaria discoidea 0 0 0 0 5 0 0

Sonchus asper 0 0 5 0 0 0 0

Tragopogon dubius 5 0 35 45 50 80 60

Verbascum thapsus* 30 80 90 100 85 100 95

Long-lived forbs

Cirsium arvense* 0 25 25 35 25 45 35

Linaria vulgaris* 5 5 40 20 15 15 35

Taraxacum officinale 40 25 45 60 80 85 70

Graminoids

Agropyron cristatum 0 0 10 0 0 0 0

Bromus inermis 5 5 5 10 5 20 25

Bromus tectorum* 0 0 0 0 0 20 20

Phleum pratense 0 0 5 0 5 5 0

Poa annua 5 0 0 0 0 0 0

Poa pratensis 15 5 5 0 0 5 5

Triticosecale rimpaui 0 55 25 50 5 5 0

*Signifies species classified as noxious weed by the State of Colorado.
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persistent soil seed banks and have relatively short seed

dispersal distances of ~150 m, poorly equipping them

to colonize large, severely burned patches tens of kilo-

meters from the nearest seed sources (Haire & McGari-

gal, 2010). Recruitment also is contingent upon

infrequent combinations of multi-year temperature and

precipitation conditions conducive to tree establish-

ment (Savage et al., 2013). Regardless, even if recruit-

ment started now, several centuries are required to

grow the several-centuries-old trees killed by severe

burning (Kaufmann et al., 2000). Further, patches of

severe fire are in fact considered part of the historical

Front Range landscape, but the size of severely burned

areas in the Hayman Fire is considered unprecedented

in the recent evolutionary history of these forests

(Brown et al., 1999; Graham, 2003; Sherriff & Veblen,

2006). Thus, from a perspective of conserving forest,

outcomes of mega fires in these forests support use of

mechanical tree thinning and prescribed fire to reduce

fuels and ameliorate fire severity (or reduce size of

severe fire) when wildfire inevitably occurs (Ful�e et al.,

2012). Areas of low and moderate-severity burning sup-

port this, as these areas exhibited some tree survival,

stimulation of native understories, and tempered exotic

plant invasion compared to high-severity burning.

Effective fuel treatments have a demonstrated ability to

reduce fire severity to attain low and moderate burning

likely mimicking many historical fires (Ful�e et al., 2012).

Our results also qualify those of Haire & McGarigal

(2008) from an understory perspective, as our examina-

tion of both herbaceous and shrub species, rather than

only woody plants as in Haire & McGarigal (2008), pro-

vided further insight into species dynamics. We found

that the fire overall stimulated the native understory,

while 18 species (16%), all herbaceous, of the prefire

community were not recorded on any burned plot at

10 years postfire. Precisely because these 18 species

were rare before the fire (none occupied >3 plots), they

warrant further attention. Local extinctions of uncom-

mon species could indeed be catastrophic to their regio-

nal population persistence. We suggest that evaluations

of these types of possibly fire-sensitive organisms are

warranted for balanced conclusions regarding benefi-

cial and catastrophic outcomes of continued mega-fire

regimes.

Maintaining ecological resilience has emerged as a

strategy for conserving biodiversity and ecosystem

services during global change (Rist & Moen, 2013).

Yet, a major stumbling block has been reconciling

numerous definitions and interpretations of resilience,

how to measure it, and what ecological features are

required to manage for it (e.g., Brand & Jax, 2007;

Folke et al., 2010). The underlying assumption is that

resilience is desirable. Our results help inform resil-

ience thinking by illustrating importance of consider-

ing baseline condition for which resilience is to be

defined, time and spatial scales, and vastly different

resilience among components within an ecosystem

(e.g., tree versus understory layers). Ironically, resil-

ience could be considered undesirable in the context

of the prefire baseline, because resilience of prefire

condition entails returning to an understory-depau-

perate, densely treed forest that many ecologists con-

sider degraded (e.g., Keyser et al., 2008; Falk et al.,

2011; Savage et al., 2013). Another issue is that from

one perspective, the understory community was ‘not

resilient’, because species richness and cover did not

return to prefire condition – they dramatically

exceeded it. A much longer temporal baseline may

be useful for characterizing resilience, such as ranges

of forest characteristics prior to anthropogenic fire-

regime disruption in the late 1800s. These more open

past forests are thought to have been resilient to fire

and climatic variation in recent millennia and perpet-

uated as forest (Brown et al., 1999; Sherriff & Veblen,

2006; Abella et al., 2013). Results suggest that resil-

ience from extreme perturbation is not always desir-

able, contingent upon preperturbation baseline, and

that extreme perturbations can devastate some

ecosystem components but benefit other components.

Restoration tree thinning or prescribed burning to

reduce size of severe fire may optimize conservation

of tree canopy cover and stimulation of understory

vegetation when wildfire inevitably occurs.
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Supporting Information

Additional Supporting Information may be found in the
online version of this article:

Fig. S1. Location of burned and unburned plots in relation
to the Hayman Fire and other large (>1000 ha) fires.
Fig. S2. Precipitation before and during the study period
(left side axis), relative to the 1963–2012 long-term mean
(dotted horizontal line), and vegetation variables (right-side
axis) on the Hayman Fire, Colorado, USA. Vegetation vari-
ables are expressed as a proportion of their maximum value.
Prefire vegetation data were collected in 1996/1997, the fire
occurred in 2002, and postfire measurements were made
starting in 2003. Precipitation data are from Manitou Experi-
mental Forest, Woodland Park, Colorado.
Fig. S3. Successional vectors, standardized to the origin,
illustrating trajectories of plant community change from pre-
fire (1996/1997) conditions to (a) 1-year postfire, (b) 5-years,
and (c) 10-years postfire following the 2002 Hayman Fire,
Colorado, USA. Plots are displayed according to burn sever-
ity class. The lengths and directions of vectors are propor-
tional to themagnitude and trajectory of change for each plot.
Inset graphs show average (+1 SEM) deviance inmultivariate
space from prefire communities for each burn severity class,
with largermeans signifying greater amounts of change.
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